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Abstract 
The main objective of this thesis was to examine pesticide mixture toxicity and its 
effects on aquatic biota in agricultural streams. This was accomplished by (1) 
calculating the ΣTUs for algae and Daphnia magna and a pesticide toxicity index (PTI) 
based on water quality standards (WQS) for long-term monitoring data (2002-2010), 
(2) by performing algal inhibition tests with Pseudokirchneriella subcapitata, using 
both collected in situ water samples and reconstituted water spiked with field-observed 
pesticide mixtures, and (3) by studying seasonal changes in macroinvertebrate and 
diatom communities during 2008 in four agricultural streams and determine a set of 
community-based metrics such as species richness, diversity, ASPT, SPEAR and IPS. 
Partial Least Squares (PLS) regression was used to analyse community changes. 
     Long-term data showed that collected stream water samples had peaks of estimated 
pesticide toxicity, mainly due to herbicides though insecticides and fungicides also 
contributed. ∑TUalgae, based on weekly average concentrations, exceeded 0.1 on 28 out 
of 902 occasions, and 8 of these were higher than 0.2. Only one or a few pesticides 
contributed to a major part of estimated mixture toxicity in the streams. 
     The  algal  growth  inhibition  studies  in spiked water showed negative effects at 
pesticide concentrations corresponding to those found in stream water samples, 
indicating that pesticide effects on algae occur under in situ conditions. The field study 
also showed effects of pesticides, suggesting diatom diversity as a sensitive indicator of 
pesticide effects. Macroinvertebrate community changes were primarily explained by 
physiochemical conditions, though some non-insect invertebrates decreased (Asellus 
aquaticus) or increased (Oligochaeta) with pesticide exposure. Somewhat surprisingly, 
the SPEARpesticides index, specifically developed to detect pesticide effects of macro-
invertebrate communities in streams, was not related to pesticide toxicity. The SPEAR 
index may need to be modified to better fit to Swedish conditions.  
          A combination of chemical and biological monitoring is needed to increase our 
understanding of the relationship between pesticide stress and the biological diversity 
of agricultural streams. Specific endpoints and analysis methods are also needed to 
separate effects of pesticides from effects of other stressors. 
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Look deep into nature, and you will understand everything better. 
Albert Einstein 
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1 Introduction 
 
 
The worldwide distribution of toxic substances is of major concern. Emission 
of anthropogenic pollutants to the environment has increased with progressive 
industrial development and a multitude of chemicals have been detected in 
environmental samples during the last decades. Several pollutants have been 
found at distances far away from the source, which shows a global spread 
(Unsworth et al. 1999). Chemicals are often developed for human use, with no 
intentions to make them toxic. For example, flame-retardants are used in 
flammable materials to limit the development of fire, and plasticizers are used 
in plastics to make the material softer. Chemicals like these are useful, but may 
have toxicity as a side effect to non-target organisms (e.g. de Wit 2002). 
Pesticides, however, have actually been developed with the main purpose to be 
toxic, e.g. to protect plants from various types of pests. They are used to act 
toxic on specific target organisms in order to control weeds, fungi or pest 
organisms. The widespread occurrence of different pest organisms impacting 
the harvest of agricultural crops makes pesticides in the form of plant 
protection products important for farmers all over the world.  Due to the 
constantly increasing world population there is also a need for increasing food 
production (WWF 2012), and the use of pesticides has continuously increased 
since the 1950s both in number of chemicals and quantities sprayed over the 
fields (Carvalho 2006). 
 
The pesticides used today have generally a higher selectivity and specificity 
toward the target-organisms, and are more readily degraded than many of the 
pesticides used some decades ago, e.g. DDT, dieldrin and HCH (Echobichon   12 
2001). However, due to their inherent toxicity also to certain non-target 
organisms, the environmental fate of modern pesticides is still of great concern.  
Pesticides applied in agricultural fields can be transported from the site of 
application into aquatic ecosystems where they might reach and affect non-
target organisms. The transport generally occurs through run-off or subsurface 
drainage and is induced by rain or irrigation (Liess et al. 1999, Brown and 
Beinum 2009), but also wind drift or incautious actions during the handling of 
pesticides are potential sources for pesticides entering stream waters (figure 1). 
Studies have shown that streams with an agricultural catchment area are 
susceptible to brief pesticide inputs (Kreuger 1995) and that pesticide 
concentrations can become considerably higher in streams at runoff events 
following heavy rains (Liess et al. 1999).  
 
 
 
Figure 1. Potential pesticide transport routes to water. 
 
 
Monitoring results have demonstrated a widespread presence of multiple 
pesticides in running waters of catchments dominated by agricultural land use 
(Kreuger 1998, Gilliom 2007, Rasmussen et al. 2011, Ansara-Ross et al. 2012). 
Biological effects of pesticides have also been reported for different aquatic 
organism groups, such as macroinvertebrates (Liess and Schulz 1999, Beketov 
et al. 2008), phytoplankton (Nyström et al. 1999, Debenest et al. 2009) and 
microbes (DeLorenzo et al. 2001, Widenfalk et al. 2004). In order to protect 
Europe's surface waters from chemical pollution, the European commission has   13
established a directive on science-based environmental quality standards (EQS) 
(2008/105/EC), i.e. the highest estimated concentration in surface water at 
which no adverse ecosystem effects are expected. In addition to these 
European EQS, including some ten pesticides, the Swedish Chemicals Agency 
has established national water quality standards (WQS) for an additional 
hundred pesticides (KEMI 2008). 
 
To coordinate and evaluate effects of chemicals on aquatic organisms 
internationally, a set of standardised laboratory guideline tests is used, 
encompassing different organism groups (e.g. OECD 2006). These tests are 
designed to evaluate the toxicity of single substances and developed to be 
relatively easy to perform, and thereby increase inter-laboratory comparability. 
In these tests, most non-treatment factors, e.g. light, temperature and water 
flow, are controlled in order to establish specific cause-and-effect relationships. 
A disadvantage of these simplified tests is that results may not reflect the actual 
toxicity in a complex ecosystem with multiple compounds and all its physical 
and chemical variations (Baird and Burton 2001, Probst et al. 2005). These 
standardised tests with single compounds may therefore not reflect field-
relevant conditions and could lead to an underestimation of true toxicity, as 
compounds may interact and have combined effects (Junghans et al. 2003, 
Lydy et al. 2004). Also, the nutrient amount and dominating vegetation type in 
an ecosystem could influence the effects of pesticide exposure (Wendt-Rasch 
et al. 2004). Possibly, standardised tests could lead to overestimations of the 
toxicity encountered in the field, e.g. due to lower bioavailability of certain 
pesticides under field conditions than predicted based on laboratory tests 
(Lundqvist 2011). Prediction of combined pesticide effects is usually based on 
models of concentration addition (CA, assuming a similar mode of action for 
the mixture components) or independent action (IA, assuming a dissimilar 
mode of action). The predictive power of concentration addition and 
independent action with regards to the estimated toxicity in mixtures has been 
documented in several studies (Faust et al. 2001, Backhaus et al. 2004). As 
concentration addition is the more conservative model, several studies are 
recommending concentration addition to be used in assessment for both 
scenarios with similar and dissimilar ways of action in order to achieve a worst 
case scenario (Belden et al. 2007a, Cedergreen et al. 2008). 
 
Running waters are habitats with environmental characteristics that have given 
the opportunity for development of a unique flora and fauna. There is a rapid 
turnover of water and much of the energy is often derived from organic matter 
produced in terrestrial ecosystems. Streams are in close contact with the   14 
surrounding catchment and the soil and geology of the catchment thus have a 
great impact on the water chemistry (Giller and Malmqvist 1998). Because of 
the downstream flow of water, most species are associated with the substrate 
by being attached to it, rooted in it, or living on or in it. Many taxa of 
freshwater macroinvertebrates are confined to running waters, and 
Chironomidae (midges), Odonata (dragonflies and damselflies), Ephemoptera 
(mayflies) and Plecoptera (stoneflies) are believed to have evolved in cool 
running waters (Giller and Malmqvist 1998). Benthic algae are usually the 
major primary producers in streams and fill an important ecosystem function as 
they provide food for higher trophic levels. Diatoms constitute the base of 
aquatic food webs, supplying consumers with important fatty acids (Brett and 
Müller-Navarra 1997). Effects on algae may indirectly induce effects on higher 
trophic levels and important ecosystem processes (Lamberti and Steinman 
1997, Fleeger et al. 2003). Also, several studies have shown that long-term and 
repeated exposure to pesticides can induce tolerance in algae (Molander and 
Blanck 1992, Berard et al. 2002), which could be considered a long-term 
effect. 
 
Direct uptake of pesticides from the water or sediment occurs by cells or roots 
and by gills or integument for aquatic plants and animals, respectively. Also, 
ingestion of aquatic organisms is a route of exposure (EPA 2011). Many 
insecticides interfere with membrane transport of different ions, enzyme 
activities or release of transmitters, affecting the nervous system, while 
herbicides interfere with mechanisms such as photosynthesis, respiration, 
growth, cell and nucleus division, or synthesis of proteins, carotenoids or lipids 
(Echobichon 2001, DeLorenzo et al. 2001). At the individual level, pesticide 
interference can lead to reduced survival, growth or reproduction of an 
organism. Reduction in primary productivity or prey availability can 
secondarily lead to changes along the food chain. At the community level, 
there could be changes in species number or diversity, reduced number of 
sensitive species and shifts of dominating species. Also, community changes 
such as reduced cover can modify the habitat structure (EPA 2011).  
 
Biological macroinvertebrate indices such as Average Score per Taxon (ASPT) 
or Ephemeroptera-Plecoptera-Trichoptera (EPT) are important tools in surface 
water quality assessment, providing measures of ecological quality and 
indicating effects of general organic pollution (EPA 2007). Macroinvertebrates 
could also provide a bioassessment tool for the quantification of pesticide 
effects at the community level. E.g. the Species At Risk (SPEAR) concept is a 
classification system based on ecological traits, where macroinvertebrates are   15
classified according to traits that indicate a high sensitivity to pesticides, life-
cycle traits and recovery potential, being at risk or not at risk of negative 
effects from pesticide exposure (Liess and von der Ohe 2005). Contaminant 
effects on communities of benthic invertebrates could be more long-lasting and 
have stronger effects at the ecosystem level than effects on algae, considering 
the short generation times and subsequent rapid recovery of algal communities 
in their nutrient-rich habitats (Brain et al. 2012, Debenest et al. 2009). 
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2 Objectives 
The main objective of this thesis was to contribute to the understanding of 
pesticide mixture toxicity and its effects on aquatic biota in agricultural 
streams. This was accomplished by the evaluation of long-term pesticide 
monitoring data and directed studies of the effects on algal growth under 
laboratory conditions, as well as on benthic macroinvertebrate and diatom 
communities under field conditions. The major questions addressed were: 
 
o  What is the estimated toxicity of pesticide mixtures in Swedish agricultural 
streams and how does it vary seasonally and among years? (Paper I and II) 
o  Do the observed pesticide mixtures have negative effects on algal growth? 
(Paper I) 
o  Is ecological structure, i.e. community composition, of benthic algae and 
invertebrates in agricultural streams affected by pesticide exposure? (Paper 
II) 
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3 Methods 
3.1  Study sites (Paper I and II) 
The sites used for the studies in this thesis were four small (8-16 km
2) 
agricultural streams in southern Sweden (figure 2). The sites, referred to as 
O18, E21, N34 and M42, are included in the long-term national monitoring 
programme for pesticides, and have been specifically selected for a high 
proportion of agricultural land use in their catchment (85-94%). They are all 
located within the nemoral (M42 and N34) or boreonemoral (O18 and E21) 
ecoregions, which have similar macroinvertebrate assemblages in Sweden 
(Sandin and Johnson 2000). Within these areas information is collected 
annually regarding crops grown, including nutrient and pesticide management 
practices, on a field level. About 20-60 pesticides have been used in each area 
per year 2002-2010. Drainage systems have been installed in all four streams, 
while vegetated buffer strips are absent or only partly present. None of the 
investigated streams originate from an upstream site without agricultural 
practices (upstream recovery site). 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 2. Map of South Sweden 
showing the location of the 
sampling sites O18, E21, N34 
and M42.   20 
3.2  Water sampling and analysis (Paper I and II) 
Water samples were collected as part of our national monitoring program for 
pesticides from the four study sites. Samples were taken every 80th minute in 
the streams with an automatic water sampler (ISCO™) and were immediately 
stored in a built-in refrigerator (4
oC). Accumulated water samples were 
collected for analysis on a weekly basis, thus providing weekly average 
pesticide concentrations. Samples were analysed for 81-86 pesticides in 2005 
and 2006 (paper I) and 82-84 pesticides in 2008 (paper II) at our accredited 
pesticide laboratory. In 2005-2006, immediately after extraction of the 
subsample used for pesticide analysis, the remaining stream water samples 
were frozen in glass beakers and later used in algal inhibition experiments 
(paper I). Water samples for analysis of inorganic water chemistry variables 
(paper II) were manually collected as grab samples once per month between 
April and October 2008. Data on inorganic water chemistry was supplemented 
with data from monitoring databases (SLU data host 2012). Samples were 
analysed using standardised methods in accredited laboratories at SLU. 
 
3.3  Organism sampling and processing (Paper II)  
Macroinvertebrates were collected from the four sampling sites with a 
modified Surber sampler with a surface area of 675 cm
2 and a mesh size of 0.5 
mm. On each occasion 10 samples were taken over a stream length of 
approximately 100 m. Macroinvertebrate samples were sieved (0.5 mm) and 
were preserved in 70% EtOH in the field. Diatom samples were collected in 
three of the sites (not in N34 due to lack of substrates) by brushing 5 cobbles 
(area approximately 60 cm
2 per stone mixed in 250 mL tap water) and 
preserved in 70% EtOH. In the laboratory, invertebrate samples were sorted 
and identified to the lowest possible taxonomic unit, commonly species level, 
except for Chironomidae (to family), Oligochaeta (to subclass) and Bivalvia (to 
class). The diatom valves were boiled in superoxide and embedded in 
Naphrax
®. At least 400 diatom valves per sample were selected for species 
identification. The procedure followed the EU standard methodology described 
in SIS 2003 and SIS 2005. Macroinvertebrate endpoints were taxa, family and 
genera number, number of individuals, Shannon Diversity, Average Score Per 
Taxon (ASPT), Ephemoptera-Plecoptera-Trichoptera index (EPT) and Species 
At Risk (SPEARpesticides). Diatom endpoints were species richness, Shannon 
Diversity, Indice de Polluo-sensibilité Spécifique (IPS) and frequency of 
pollution tolerant valves (%PT) (for more details on the indices, I refer to paper 
II).   21
3.4  Algal growth inhibition tests (Paper I) 
We performed a set of alga inhibition tests using both in situ stream water 
samples and spiked reconstituted water. In situ water samples were identical to 
those that were used for pesticide analyses (see above). In tests with in situ 
water samples, growth medium was prepared from stock solutions according to 
the guideline of freshwater alga growth inhibition test (OECD 2006) and used 
as control water. Nutrients were added to stream water samples in the same 
concentrations as in the control water, to exclude effects on algal growth due to 
nutrient limitation. Alga growth inhibition tests were performed on 61 stream 
water samples, divided into 15 different test runs. After 0 and 72 h, the number 
of algae cells was estimated by cell counting using a light microscope or by 
measuring fluorescence with a fluorometer. Algal growth rates and growth 
inhibition was calculated according to the guideline (see paper I for more 
information).  
 
We also performed a set of algal growth inhibition tests using spiked 
reconstituted water to further quantify pesticide mixture toxicity of the streams 
under more controlled water chemistry conditions. For these tests, we 
identified the eight pesticide mixtures with the highest estimated algal toxicity 
in water samples from the four study sites in 2002-2010. Algal toxicity was 
calculated as summed toxic units for algae (ΣTUalgae) and the eight selected 
mixtures all had a ΣTUalgae higher than 0.2 (see also 3.5). Growth media were 
spiked with the prepared pesticide mixtures at concentrations of 0 (controls), 
0.1, 0.5, 1, 10, 50 and 100 times those found in stream water mixtures. After 0 
and 72 h, algae cells were quantified, algal growth rates and inhibition was 
calculated.  
 
3.5  Pesticide mixture toxicity (Paper I and II)  
Stream water samples with estimated high mixture toxicity were identified 
using weekly average data from long-term pesticide monitoring in the four 
agricultural stream sites (Graaf et al. 2011). Altogether, we used data for 77-
111 pesticides from 902 water samples collected during 2002-2010 (paper I) or 
82-84 pesticides from 85 samples collected in 2008 (paper II).  
 
In order to estimate the toxicity of pesticide mixtures, summed toxic units 
(ΣTUs) were calculated for each water sample. The concept of toxic units 
(Marking 1985) is based on the concentration of each pesticide in the mixture 
in relation to an EC50-value for that pesticide, EC50 being the concentration   22 
when 50% of the organisms exposed were affected according to standardised 
acute toxicity guideline tests (e.g. OECD 2004, 2006). We calculated ΣTUs 
based on EC50 values for aquatic algae or the water flea Daphnia magna: 
 
 




 
 
where ∑TU is the sum of toxic units for the n pesticides detected, Ci is the 
concentration of the pesticide i and EC50i is the EC50 for pesticide i for the 
exposed organisms. EC50-values were primarily obtained from the literature 
used to calculate Swedish Water Quality Standards for pesticides (Andersson 
and Kreuger 2011, KEMI 2008) and secondarily from established pesticide 
databases (EU Pesticides database, EFSA or PPDB). Effect concentrations 
were generally EC50-values from 72-hours or 96-hours green algal growth 
inhibition tests according to OECD (2006) and from 48-hours Daphnia 
immobilization tests according to OECD (2004).  
 
Also, a pesticide toxicity index (PTI) was calculated (Belden et al. 2007b, 
Munn et al. 2006), based on the concentration of each pesticide in the mixture 
in relation to the Swedish Water Quality Standards (WQS). A WQS is the 
concentration of a substance for which no effects can be expected on the 
aquatic environment, determined according to guidelines in the EU Frame 
Directive for water 2000/60/EEC and internationally accepted methods of EU 
Technical Guidance Document (KEMI 2004). WQS are based on results from 
toxicity tests on different aquatic organisms and include a safety factor 
between 10 and 1000, depending on the number and reliability of the tests 
(KEMI 2008). 
 
 




 
 
where Ci is the concentration of the pesticide i and WQSi is the Swedish Water 
Quality Standard for the pesticide i (Andersson and Kreuger 2011). 
 
In paper I, predictions of effect concentrations for the mixtures by 
concentration addition (CA) were calculated (see Faust et al. 2001): 
 
 





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where ECxmix is the estimated toxic effect of the mixture, pi is the fraction of 
component i in the mixture and ECxi is the individual effect concentrations 
when applied singly. CA predicts toxicity of mixtures with similar modes of 
action. 
 
For more specific information on calculations, I refer to the method parts in the 
papers. 
3.6  Statistical analyses (Paper I and II) 
Differences in algal growth (paper I) were tested using one-way ANOVA, 
complemented with Tukey means pairwise comparison test. The relationships 
between pesticide mixture toxicities were examined with linear regression. 
When needed, the data was log-transformed for normal distribution. Analyses 
were performed in JMP10® (SAS Institute Inc.). 
 
When biological responses were tested against pesticide toxicity (paper II), the 
highest PTI or ΣTU from one month before each organism-sampling occasion, 
or the highest toxicity value between two sampling occasions, were selected. 
These values are referred to as PTImax and ΣTUmax. The relative importance 
of different variables (pesticide toxicity, month and physical and chemical 
water parameters) for biological endpoints was assessed using partial least 
squares regression (PLS). This multivariate statistical method is a suitable 
analytical tool for data sets with fewer observations than variables and a high 
degree of intercorrelation between the independent variables (ter Braak and 
Juggins 1993, Eriksson et al. 1995). Extracted components are used to 
construct a predictive model for the response variable, e.g. diversity, with the 
relative importance of predictor variables ranked via variable importance on 
the projection (VIP) values. All significant components were extracted for 
analysis. Variables with a VIP exceeding 1 are the most important for 
explaining the variance in community response, though values 0.7-1 can also 
be considered important (Eriksson et al. 2006). PLS was conducted with 
SIMCA-P (version 12.0.1; Umetrics AB, Umeå, Sweden). 
    24 
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4  Results and Discussion 
4.1  Estimates of pesticide mixture toxicity (Paper I and II) 
 
We analysed data from 902 water samples from four streams that had been 
analysed for 77-111 pesticides during 2002-2010. In 63% or more of the 
samples from three of the four sampling sites, more than 10 pesticides were 
detected, with 90-percentiles ranging 21–29 pesticides. The average number of 
pesticides in a single sample ranged from 8.8±3.7 in O18 (mean ± SE, used 
throughout) to 17.8±7.4 in M42, while the maximum was 41 pesticides in a 
single sample. These results illustrate the complexity of exposure by pesticides 
in agricultural streams. Our analysis of long-term data on pesticide 
concentrations showed that ∑TUalgae, based on weekly average concentrations, 
exceeded 0.1 on 28 occasions, and 8 of these were higher than 0.2. The number 
of pesticides in these samples was 21±3 (90-percentile 34) (figure 2). Also, 
70% of these occasions with a ∑TU>0.1 occurred between May and July. The 
eight pesticide mixtures with a ∑TUalgae >0.2 were selected for laboratory 
studies with spiked reconstituted water (results in 4.2). A meta-analysis of 
results from freshwater mesocosm studies suggest that effects of herbicide 
contamination can occur above a TU of 0.1 for algae (Brock et al. 2000) where 
TU is based on EC50-values of the most sensitive standard alga, mainly 
Pseudokirchneriella subcapitata or Scenedesmus subspicatus. Applied to our 
study, our analysis shows toxicity on algae in at least 3% of analysed water 
samples. This is most likely an underestimate of true toxicity as our findings 
are based on weekly average concentrations that do not capture the peak 
concentrations that likely occur under shorter intervals (Liess et al. 1999, Xing 
et al. 2013). Adielsson and Kreuger (2008) showed occasions in M42 with 
temporary pesticide peaks in concentrations 10 times higher, occasionally even 
up to 100 times, when momentary samples and runoff-triggered samples were   26 
taken at the same time as the regular weekly samples. This was the case e.g. for 
MCPA, metamitron, quinmerac, metazachlor, isoproturon and glyphosate, all 
commonly found in our tested stream waters and several also present in the 
mixtures used in our tests with reconstituted spiked water. In 2002-2010, 396 
of the 902 weekly water samples from the streams had a ∑TUalgae higher than 
0.01, which could according to the results from Adielsson and Kreuger (2008) 
mean a ∑TUalgae of at least 0.1 during a temporary peak these weeks. 
   
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 2. Histogram showing the number of pesticides in the 28 samples with a ∑TUalgae 
>0.1 from four streams in 2002-2010. The darker areas constitute samples with a ∑TUalgae 
>0.2.  
 
 
Our analysis of long-term monitoring data also shows that the toxicity of 
pesticide mixtures with a high estimated toxicity frequently is set by one or a 
few compounds that contribute to more than 90% of mixture toxicity to algae, 
despite the multitude of pesticides in a single sample (figure 3). Considering 
our extensive dataset, covering nine years and 77-111 pesticides, the 
observation that toxicity is set by a few substances could be a general pesticide 
mixture scenario. 
 
A comparison of ∑TUalgae and ∑TUdaphnia from the monitoring data of 2008 
showed that ΣTUalgae was generally higher than ΣTUdaphnia, with means of 
0.026±0.007 (highest value 0.58) and 0.0057±0.002 (highest value 0.16), 
respectively, suggesting that algae were more exposed than invertebrates.   27
However, the neonicotinoide insecticides imidacloprid and tiacloprid could 
have occurred at concentrations higher than WQS without showing in the data: 
The detection limit for imidacloprid (0.2 µg/L) was higher than WQS (0.03 
µg/L) until 2008, and tiacloprid was used at site M42 during 2008 but not 
included in analysis until 2009. Herbicides were most frequently exceeding 
their WQS, though the largest exceedance of WQS was found for a few 
insecticides and fungicides (more details in paper II). Linear regression 
analyses showed that PTI was related to ∑TUalgae and ∑TUdaphnia, (R
2=0.70 and 
0.63, respectively, p<0.0001). Also, ∑TUalgae and ∑TUdaphnia were related to 
each other (R
2=0.51, p<0.0001). ∑TUs are most likely a good choice to use in 
pesticide toxicity investigations of a particular organism group, while PTI, 
being a more general pesticide toxicity index including a safety factor, can be a 
useful tool for surface water protection.  
 
 
 
 
 
 
 
 
 
 
 
Figure 3. Toxicity distribution for the pesticides in each of the eight mixtures (1-8) with the 
highest ∑TUalgae (>0.2) that were used for algal inhibition tests with reconstituted water. 
Presented here are the three pesticides that contributed to the most toxicity (Pest 1-3) in each 
of the mixtures and all other pesticides summed together for each mixture (Other). 
 
 
4.2  Pesticide growth effects on Pseudokirchneriella subcapitata 
(Paper I) 
 
During 2005–2006 between 6 and 24 pesticides were detected in the 61 time-
integrated weekly stream water samples, with an average of 13±2. Laboratory 
studies on collected stream-water showed that algal growth inhibition occurred 
in natural pesticide-contaminated water. In 27 of 61 time-integrated samples of 
stream water we found a 6-66 % significant inhibition of algal growth. PTI for   28 
samples that showed inhibition were significantly higher than those lacking 
inhibition, indicating the reliability of this indicator and suggesting a relation 
between algal inhibition and pesticide toxicity. Also, results from tests using 
reconstituted water spiked with eight selected pesticide mixtures showed that 
inhibition of algal growth occurred at 1–10 times the concentrations found in 
the stream water. As our findings are based on weekly average concentrations 
and do not capture the peak concentrations that occur under shorter time 
intervals (Adielsson and Kreuger 2008), the observed effects from pesticide 
toxicity is most likely an underestimate of true toxicity in the streams. These 
findings strongly suggest that toxic effects on algae occur in the field. 
 
The EC50-values for the eight tested pesticide mixtures were 2-17 times higher 
than estimated EC50-values according to the model of concentration addition 
(CA), except from two of them, where these were 2-3 times lower. However, 
mixtures acting strictly similar or dissimilar should be rare in nature. Indeed, 
our eight mixtures all include pesticides with dissimilar modes of action, and 
six of them also include similarly acting pesticides. As the CA model predicts 
higher toxicity than the IA model and as mixture toxicities higher than 
predicted by CA are rare, CA is suggested to be a better, precautious approach 
in risk assessment, regardless mechanisms of action of the mixture components 
(Backhaus and Faust 2012). Our results support this conclusion, since six of 
the eight most toxic mixtures found in the streams 2002-2010 were less toxic 
than expected according to CA. However, two mixtures were more toxic than 
expected, suggesting that the CA model may not always be precautious 
enough. 
4.3  Pesticide effects on diatom and macroinvertebrate 
community structure (Paper II) 
 
PLS identified PTImax and ΣTUmaxalgae as very important factors (VIP>1) for 
diatom diversity, with negative coefficients showing diversity declines with 
increasing toxicity (table 1). Additionally, PLS identified several physical and 
chemical water parameters such as calcium, conductivity and pH, maximum 
flow and silicon as important for diatom diversity. However, pesticide toxicity 
was positively related to IPS and negatively related to %PT, i.e. IPS increased 
and %PT decreased with increasing toxicity. This contradictory result could be 
related to the fact that the indices are developed to quantify effects of 
eutrophication and/or organic loading and do not specifically address pesticide 
effects. Also, the status according to Swedish Water Quality Criteria did not   29
differ much between months; all IPS-values represent good or moderate 
conditions for all streams and PT% indicate constantly good status in E21, 
mainly bad status in O18 and bad to moderate status in M42 (EPA 2009). PLS 
also included other factors, such as calcium, conductivity, aluminium and 
silicon, as important factors for the responses. These results may partly be due 
to a few extremely high concentrations of aluminium. Diatom species richness 
gave a highly non-significant PLS model (p=1.0) and was therefore not 
included in analyses. A previous study has suggested that the complex 
biological matrix (biofilm), where benthic diatoms evolve, may protect these 
algae against pesticide effects (Peres et al. 1996). Our results suggest that 
diatom diversity is a sensitive indicator of herbicide effects in inland waters. 
However, due to the short generation time of algae, algal communities may 
recover rapidly and effects of herbicides may not be very long-lasting.  
 
Most of the variance in macroinvertebrate abundance and community metrics 
was explained by physical and chemical water parameters such as conductivity, 
calcium, flow and pH, in PLS analyses (table 1). Also metals were important 
factors with a VIP>1, showing lower ASPT and SPEAR with higher 
concentrations of cadmium and copper. Seasonal changes (months) were 
important factors for several responses, month 9 and 10 (September and 
October) in particular, and there were also important differences between the 
sites. PLS did not select pesticide toxicity among the most important variables 
in explaining macroinvertebrate abundance or metrics variance. The studied 
streams were highly eutrophicated with generally low macroinvertebrate 
diversity and index results sometimes below good ecological status according 
to Swedish Water Quality Criteria (EPA 2007), indicating a fauna affected 
beyond seasonal pesticide exposure. It is a well-known fact that eutrophication 
by itself can cause long-term effects on species diversity (e.g. Smith et al. 
1999, Hering et al. 2006). Moreover, these streams are small (catchment ≤ 16 
km
2) and narrow (width below 2m), which contributes to low diversity, due to 
lower habitat complexity and fewer niches (e.g. Probst et al. 2005). Our results 
indicate a macroinvertebrate fauna affected by factors other than pesticides, 
such as stream habitat structure and degradation common in agricultural 
streams (Rasmussen et al. 2012, von der Ohe and Goedkoop 2013). The 
occurrence of other contaminants may also affect communities. Our PLS 
analyses show that several metals were negatively related to both diatom and 
macroinvertebrate metrics. Also, our analysis of ∑TUdaphnia shows only a single 
value higher than 0.1, suggesting lower toxicity for macroinvertebrates than for 
algae in the investigated streams. 
   30 
Table 1. PLS regression results for diatom diversity (Shannon), Indice de Polluo-
sensibilité Spécifique (IPS), frequency of pollution tolerant valves (%PT), 
macroinvertebrate abundance, Average Score Per Taxon (ASPT) and SPEARpesticides, 
presented with explained variance (R
2), p-values (CV-ANOVA) and number of components. 
All variables with a VIP (variable importance on the projection) more than 1 are listed in 
descending order, with positive or negative relations (+/-). Seasonal changes (months) were 
included as qualitative variables. For more details, I refer to table 5 and 6 in paper II. 
 Diatom  diversity   IPS   %PT 
 R
2=0.66, p=0.0061    R
2=0.93, p<0.0001    R
2=0.62, p=0.015 
  1 component    2 components    1 component 
- Ca  + Ca  - Ca 
- Conductivity  + Conductivity  - PTImax 
+ Al    -  Al  -  Conductivity 
-  ΣTUmaxalgae +  ΣTUmaxalgae +  Si 
- PTImax    - Pb  - ΣTUmaxalgae 
- pH  + PTImax  - pH 
+ Pb  -  Si  + Flowmax 
+ Flowmax  -  pH  +  Al 
+ Si         
 Macroinvertebrate 
abundance 
  
ASPT 
  
SPEARpesticides 
 R
2=0.83, p<0.001    R
2=0.75, p=0.025    R
2=0.51, p=0.13 
  2 components    2 components    1 component 
+ Conductivity  + Month  10  -  TP 
+ Ca  -  Si  -  Cu 
- pH  - Cu  - Cd 
-  Flowmin  -  Month 9  -  Month 9 
- Flowmax  - Cd  + Flowmin 
- Al  - TP  - Pb 
   +  Pb  +  Month  10 
   - Month  7    
 
 
The seasonal emergence of aquatic insects confounds the use of 
macroinvertebrate samples collected during summer since there is a natural 
decrease of this type of organisms, often at times of elevated pesticide 
concentrations in streams. One way to avoid this type of bias could be by 
specifically studying the taxa that are not in the adult emerging stage during 
pesticide exposure. This is included in SPEARpesticides, where taxa with a flying 
stage at time of pesticide application is considered not at risk (Liess and von   31
der Ohe 2005). SPEAR index values in our streams were generally low 
(ASTERICS 2012, Beketov et al. 2009) with seasonal means of 21.1±2.0 in 
O18, 22.8±3.2 in E21, 25.8±1.9 in N34 and 15.3±3.0 in M42. Interestingly, our 
PLS results show that pesticide toxicity was not important in explaining the 
variance of SPEARpesticides. Possibly, the concentrations of insecticides and 
fungicides in our streams were too low to induce any effect. For example 
lindane was found at trace levels of 0.001 μg/L in one of our streams, while the 
highest concentration was 0.5 μg/L in the streams of Liess and von der Ohe 
(2005). The fact that site was the highest explaining factor shows that there 
were important differences among the streams, Also, there could be differences 
in traits such as hatching time between the European streams incorporated in 
the development of SPEAR and Swedish streams. SPEAR may need some 
adjustment to be useful to the streams of our climate. 
 
Analysis of common macroinvertebrate taxa that lacked emerging adult at the 
time of elevated pesticide levels showed that the isopod Asellus aquaticus 
(waterlouse) dropped in abundance on several occasions when PTI or ΣTUs 
peaked. In N34, the abundance of Asellus aquaticus increased from 49±26 
ind/m
2 in April to 877±362 ind/m
2 in June, but then showed a sudden 
population crash in July (p=0.026, t-test), co-occurring with PTI and ΣTUdaphnia 
peaks (data not shown). Also in E21, Asellus aquaticus abundance decreased 
by 79% i.e. from 706±279 to 148±65 ind/m
2, between April and July 
(p=0,046), when PTI and ΣTUdaphnia values peaked. At the same time, the 
organism group Oligochaeta increased by 808%, i.e. from 332±211 in May to 
3013±1161 ind/m
2 in July (p=0.036) (figure 4), maybe due to less habitat or 
food competition. Asellus is considered sensitive to pesticide peaks, while 
Oligochaeta is not (Liess and von der Ohe 2005), indicating effects of 
pesticides for some taxa in the streams. Despite absence of upstream recovery 
sites, the recovery of Asellus aquaticus between July and September may be 
due to drift from a small bi-flow originating in a forest site in the Eastern part 
of that catchment area.  
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Figure 4. Abundances of Asellus aquaticus and Oligochaeta with co-occurring highest 
values of ΣTUdaphnia at stream E21 in April, May, June, July, September and October 2008. 
Error bars represent SE. 
 
  
&)$$ '+$$
$
$$$&
$$$(
$$$*
$$$,
$$%
$$%&
$
&$$
($$
*$$
,$$
%$$$
%&$$
%($$
%*$$
%,$$
&$$$
     

		 	
	 		

	

 &!
		  33
5 Conclusions   
 
 
 
  Temporary peaks of estimated pesticide toxicity occurred in collected 
stream water samples, mainly between May and July, which is the main 
season for pesticide application in the fields. Otherwise, most water 
samples had a low estimated toxicity. The peaks were mainly due to 
toxicity from herbicides, but a few insecticides and fungicides had the 
highest toxicity values.  
  Our analysis of pesticide monitoring data suggest that only one or a few 
pesticides contribute to a major part of summed toxicity in streams, despite 
the large number of pesticides that occur in the samples.  
  The laboratory studies showed effects on algal growth at pesticide 
concentrations found in water samples from the investigated streams, 
indicating that pesticide effects on algae occur under in situ conditions. 
  The field study showed effects of pesticide exposure on the diatom 
communities, indicating that diatom diversity can be a sensitive indicator 
of pesticide effects. However, diatoms have a short generation time and a 
high recovery potential, and effects from pesticide pulses may therefore 
not be long-lasting. 
  Effects on the macroinvertebrate communities were primarily explained by 
physiochemical conditions in the streams, while pesticide toxicity did not 
contribute. This could be due to a low toxicity for macroinvertebrates or 
due to a bias caused by other stressors such as eutrophication or low 
habitat complexity. However, some organisms decreased (Asellus 
aquaticus) or increased (Oligochaeta) with pesticide exposure.    34 
  The SPEAR index, specifically developed to detect pesticide effects of 
macroinvertebrate communities in streams, was not related to pesticide 
toxicity. SPEARpesticides specifically addresses pesticide effects. This index 
may, however, need to be modified to better fit to Swedish conditions. 
  The other biological indices (IPS, PT%, ASPT, EPT) were not able to 
indicate negative changes due to pesticides. Biological indices are 
important tools in surface water quality assessment, but are probably not 
specific enough to assess pesticide effects.  
 
 
   35
6 Future  perspectives 
 
A multitude of strategies has been used to assess toxicity of chemical 
compounds in water, running from standardised toxicity testing, more or less 
advanced experimental approaches, to complex field studies at the ecosystem 
scale. In general, the more simple and controlled systems that are used, the 
clearer results and specific cause-and-effect relationships can be obtained. 
However, the more complex systems or studies, the more environmentally 
realistic conditions can be assessed. When possible, a combination should be 
preferred. 
 
A combination of chemical and biological monitoring is needed to increase our 
understanding of long-term evolvement of the biological diversity in 
agricultural streams and possibly to discover changes when new groups of 
chemicals are introduced on the market. Useful tools, such as specific 
endpoints (e.g. SPEAR) and analysis methods suitable for data with a high 
degree of inter-correlation (e.g. PLS) are needed to separate effects of 
pesticides from effects of other stressors.  
 
Weekly average pesticide concentrations probably do not capture the highest 
peaks, leading to toxicity underestimations. For a more thorough investigation 
of peak exposure scenarios, runoff-triggered samples should be collected. Also 
large-scale pesticide monitoring with the intention to capture the peak 
exposures that have the largest effects on biota should include runoff-triggered 
samplers. Pesticide monitoring efforts should focus on hot spots of pesticide 
effects, i.e. sites with high pesticide use and with high slopes that lack buffer 
strips, that can be identified using pesticide data (when available) or from 
modelling approaches. 
   36 
   
   37
References 
Adielsson, S., Kreuger, J. 2008. Pesticide concentration variations in surface water – flow 
proportional sampling 2006/2007. (In Swedish) Haltvariationer av växtskyddsmedel i ytvatten 
från ett typområde I Skåne – flödesproportionell provtagning 2006/2007. Ekohydrologi 106. 
Department of Soil Sciences, Swedish University of Agricultural Sciences. 
Andersson, M., Kreuger, J. 2011. Preliminary guidance values for plant protection products in 
surface water. (In Swedish) Preliminära riktvärden för växtskyddsmedel i ytvatten. Beräkning 
av riktvärden för 64 växtskyddsmedel som saknar svenska riktvärden. Teknisk rapport 144. 
Department of Soil and Environment, Swedish University of Agricultural Sciences 
Ansara-Ross, TM., Wepener, V., van den Brink PJ., Ross, MJ. 2012. Pesticides in South African 
fresh waters. African Journal of Aquatic Science 37(1): 1-16. 
ASTERICS software handbook version 3.3. 2012. Available at: 
http://www.fliessgewaesserbewertung.de 
Backhaus T, Faust M, Scholze M, Gramatica P, Vighi M, Grimme LH. 2004. Joint algal toxicity 
of phenylurea herbicides is equally predictable by concentration addition and independent 
action. Environmental Toxicology and Chemistry 23: 258-264. 
Backhaus, T., Faust, M. 2012. Predictive environmental risk assessment of chemical mixtures: a 
conceptual framework. Environmental Science and Technology 46: 2564-2573. 
Baird DJ., Burton, GA (eds). 2001. Ecological variability: separating natural from anthropogenic 
causes of ecosystem impairment. Society of Environmental Toxicology and Chemistry 
(SETAC) publ. 
Beketov M., Schäfer RB., Marwitz A., Paschke A., Liess M. 2008. Long-term stream invertebrate 
community alterations induced by the insecticide thiacloprid: effect concentrations and 
recovery dynamics. Science of the Total Environment 405:96–108. 
Beketov, M., Foit, K., Schäfer, R.B., Schriever, C.A., Sacchi, A., Capri, E., Biggs, J.P., Wells, C., 
Liess, M. 2009. SPEAR indicates pesticide effects in streams – Comparative use of species- 
and family-level biomonitoring data. Environmental Pollution 157: 1841-1848. 
Belden JB., Gilliom R., Lydy MJ. 2007a. How well can we predict the toxicity of pesticide 
mixtures to aquatic life? Integrated Environmental Assessment and Management 3: 364-372. 
Belden, JB., Gilliom, RJ., Martin, JD, Lydy, MJ. 2007b. Relative toxicity and occurrence patterns 
of pesticide mixtures in streams draining agricultural watersheds dominated by corn and 
soybean production. Integrated Environmental Assessment and Management 3(1): 90-100.   38 
Berard, A., Dorigo, U., Humbert, U., Leboulanger, C., Seguin, E. 2002. (In French) Application 
of the Pollution-Induced Community Tolerance (PICT) method to algal communities: its 
values as a diagnostic tool for ecotoxicological risk assessment in the aquatic environment. 
Annales de Limnologie - International Journal of Limnology 38(3): 247-261. 
Brain, R., Arnie, J., Porch, J., Hosmer, A. 2012. Recovery of photosynthesis and growth rate in 
green, blue-green, and diatom algae after exposure to atrazine. Environmental Toxicology and 
Chemistry 31(11): 2572-2581. 
Brett, MT., Müller-Navarra, DC. 1997. The role of highly unsaturated fatty acids in aquatic food-
webs. Science 275: 384-386. 
Brock, TCM., Lahr, J., Van den Brink, PJ. 2000. Ecological risks of pesticides in freshwater 
ecosystems. Part 1: Herbicides. Alterra Report 088, Wageningen, The Netherlands. 
Brown, C., van Beinum, W. 2009. Pesticide transport via subsurface drains in Europe. 
Environmental Pollution 157(12): 3314-3324. 
Carvalho, F. 2006. Agriculture, pesticides, food security and food safety. Environmental Science 
and Policy 9: 685-692. 
Cedergreen N, Christensen AM, Kamper A, Kudsk P, Mathiassen SK, Streibig JC, Sorensen H. 
2008. A review of independent action compared to concentration addition as reference models 
for mixtures of compounds with different molecular target sites. Environmental Toxicology 
and Chemistry 27: 1621-1632. 
Debenest, T., Pinelli, E., Coste, M., Silvestre, J., Mazzella, N., Madigou, C., Delmas, F. 2009. 
Sensitivity of freshwater periphytic diatoms to agricultural herbicides. Aquatic Toxicology 93: 
11-17. 
DeLorenzo M, Scott G, Ross P. 2001. Toxicity of pesticides to aquatic microorganisms: a review. 
Environmental Toxicology and Chemistry 20(1): 84-98. 
De Wit, C. 2002. An overview of brominated flame retardants in the environment. Chemosphere 
46(5): 583-624. 
Echobichon, D. 2001. Toxic effects of pesticides. In: Casarett & Doull’s Toxicology – the basic 
science of poisons 6th ed. Ed. Doull, J., Klaassen, C. New York, McGraw-Hill Inc: 763-810. 
EFSA, European Food Safety Authority: http://www.efsa.europa.eu/en/panels/pesticides.htm 
EPA, Swedish Environmental Protection Agency. 2007. Water Quality Criteria for lakes and 
running waters. (In Swedish) Bedömningsgrunder för sjöar och vattendrag. Appendix A. EPA 
manual. 
EPA, Swedish Environmental Protection Agency. 2009. Periphyton in running waters – diatom 
analysis. (In Swedish) Påväxt i rinnande vattendrag – kiselalgsanalys. Handledning för 
miljöövervakning. 
EPA, United States Environmental Protection Agency. 2011. Pesticides industry sales and usage. 
2006 and 2007 market estimates. Washington DC 20460. 
EU Pesticide database: 
http://ec.europa.eu/sanco_pesticides/public/index.cfm?event=activesubstance.selection 
Eriksson, L., Hermens, J., Johansson, E., Verhaar, H., Wold, S. 1995. Multivariate analysis of 
aquatic toxicity data with PLS. Aquatic Sciences 57(3): 217-241. 
Eriksson, L., Johansson, E., Kettaneh-Wold, N., Trygg, J., Wikström, C., Wold, S. 2006. Multi- 
and Megavariate Data Analysis Part I Basic Principles and Applications. Umetrics Academy.   39
Faust M, Altenburger R, Backhaus T, Blanck W, Boedeker W, Gramatica P, Hamer V, Scholze 
M, Vighi M, Grimme LH. 2001. Predicting the joint algal toxicity of multi-component s-
triazine mixtures at low effect concentrations of individual toxicants. Aquatic Toxicology 56: 
13-32. 
Fleeger, J., Carman, K. Nisbet, R. 2003. Indirect effects of contaminants in aquatic ecosystems. 
Science of the Total Environment 317(1-3): 207-233. 
Giller, P., Malmqvist, B. (eds.) 1998. The Biology of Streams and Rivers. Oxford University 
Press Inc. NewYork. 
Gilliom, R. 2007. Pesticides in U.S. streams and groundwater. Environmental Science and 
Technology 41(10): 3407-3413. 
Graaf, S., Adielsson, S., Kreuger, J. 2011. Results from monitoring of pesticides (plant protection 
products). (In Swedish) Resultat från miljöövervakningen av bekämpningsmedel 
(växtskyddsmedel). Årssammanställning 2010. Ekohydrologi 128. Department of Soil 
Sciences, Swedish University of Agricultural Sciences 
Hering, D., Johnson, R.K., Kramm, S., Schmutz, S., Szoszkiewicz, K., Verdonschot, P. 2006. 
Assessment of European streams with diatoms, macrophytes, macroinvertebrates and fish: a 
comparative metric-based analysis of organism response to stress. Freshwater Biology 51(9): 
1757-1785. 
Junghans M, Backhaus T, Faust M, Scholze M, Grimme LH. 2003. Predictability of combined 
effects of eight chloroacetanilide herbicides on algal reproduction. Pest Management Science 
59: 1101-1110 
KEMI, Swedish Chemicals Agency. 2004. Water Quality Standards for   plant protection 
products in surface water. (In Swedish) Riktvärden för växtskyddsmedel i ytvatten. 
Beskrivning av den svenska metoden. Swedish Chemicals Agency document. 
KEMI, Swedish Chemicals Agency. 2008. Records of water quality standards for plant protection 
products in surface water. (In Swedish) Protokoll om riktvärden för växtskyddsmedel i 
ytvatten. Swedish Chemicals Agency protocols. Available at: 
http://www.kemi.se/en/Content/Pesticides/Plant-Protection-Products/Plant-protection-
products-in-Sweden/Water-quality-standards-for-pesticides-in-surf/ 
Kreuger, J. 1995. Monitoring of pesticides in subsurface and surface water within an agricultural 
catchment in southern Sweden. British Crop Protection Council Monograph 62: Pesticide 
Movement to Water, pp. 81-86. 
Kreuger, J. 1998. Pesticides in stream water within an agricultural catchment in southern Sweden, 
1990-1996. Science of the Total Environment 216(3): 227-251. 
Lamberti, G., Steinman, A. 1997. A comparison of primary production in stream ecosystems. In: 
Webster, J. R.; Meyer, J. L., eds. Stream organic matter budgets. Journal of the North 
American Benthological Society 16: 95-104. 
Liess, M. and Schulz, R. 1999. Linking insecticide contamination and population response in an 
agricultural stream. Environmental Toxicology and Chemistry 18(9): 1948-1955. 
Liess, M., Schulz, R., Liess, M.H.D, Rother, B., Kreuzig, R. 1999. Determination of insecticide 
contamination in agricultural headwater streams. Water Research 33(1): 239-247. 
Liess, M., von der Ohe, P. 2005. Analyzing effects of pesticides on invertebrate communities in 
streams. Environmental Toxicology and Chemistry. 24(4):954-965.   40 
Lundqvist, A. 2011. Bioavailability of pesticides to benthic invertebrates. The role of aquatic 
biofilms and humic substances. Doctoral Thesis 2011:54, Faculty of Natural Resources an 
Agricultural Sciences, Swedish University of Agricultural Sciences. 
Lydy M, Belden J, Wheelock C, Hammock B, Denton D. 2004. Challenges in regulating pesticide 
mixtures. Ecology and Society 9(6). 
Marking, L.L. 1985. Toxicity of chemical mixtures. In: Rand, G.M., Petrocelli, S.R. (Eds.), 
Fundamentals of Aquatic Toxicology. Hemisphere, Washington, DC, pp. 164–176. 
Molander, S., Blanck, H. 1992. Detection of pollution-induced community tolerance (PICT) in 
marine in periphyton communities established under diuron exposure. Aquatic Toxicology 
22(2): 129-144. 
Munn, M., Gilliom, R., Moran, P., Nowell, L. 2006. Pesticide Toxicity Index for freshwater 
aquatic organisms. Scientific Investigations Report 2006-5148, 2nd edition. U.S. Geological 
Survey. 
Nystrom B, Bjornsater B, Blanck H. 1999. Effects of sulfonylurea herbicides on non-target 
aquatic micro-organisms, Growth inhibition of micro-algae and short-term inhibition of 
adenine and thymidine incorporation in periphyton communities. Aquatic Toxicology 46: 9-
22. 
OECD 2004. Guideline for the testing of chemicals. Daphnia sp. Acute immobilization test 202. 
Organisation for Economic Co-operation and Development, Paris. 
OECD 2006. Guidelines for the testing of chemicals. Freshwater alga and cyanobacteria, growth 
inhibition test 201. Organisation for Economic Co-operation and Development, Paris. 
Peres F, Florin D, Grollier T, Feurtet-Mazel A, Coste M, Ribeyre F. Ricard M, Boudou A. 1996. 
Effects of the phenylurea herbicide isoproturon on periphytic diatom communities in 
freshwater indoor microcosms. Environmental Pollution 94(2):141–152. 
PPDB, Pesticide Properties DataBase: http://sitem.herts.ac.uk/aeru/footprint/index2.htm 
Probst M, Berenzen N, Lentzen-Godding A, Schulz R, Liess M. 2005. Linking land use variables 
and macroinvertebrate taxon richness in small and medium-sized agricultural streams on a 
landscape level. Ecotoxicology and Environmental Safety 60: 140-146.  
Rasmussen, J., Baattrup-Pedersen, A., Wiberg-Larsen, P., McKnight, U., Kronvang, B. 2011. 
Buffer strip width and agricultural pesticide contamination in Danish lowland streams: 
Implications for stream and riparian management. Ecological Engineering 37: 1990-1997. 
Rasmussen, J., Wiberg-Larsen, P., Baattrup-Pedersen, A., Friberg, N., Kronvang, B. 2012. Stream 
habitat structure influences macroinvertebrate response to pesticides. Environmental Pollution 
164: 142-149. 
Sandin, L., Johnson, R. Ecoregions and benthic macroinvertebrate assemblages of Swedish 
streams. Journal of the North American Benthological Society 19(3): 462-474. 
SIS 2003. Swedish Standard, SS-EN 13946:2003. Water quality - Guidance standard for the 
routine sampling and pretreatment of benthic diatoms from rivers. Swedish Standards 
Institute. 
SIS 2005. Swedish Standard, SS-EN 14407:2005. Water quality – Guidance standard for the 
identification, enumeration and interpretation of benthic diatom samples from running waters. 
Swedish Standards Institute.   41
SLU data host 2012. Database SLU Agricultural water version 2012:1. (In Swedish) 
Datavärdskap Jordbruksmark. 2012. Databas SLU Jordbruksvatten version 2012:1. 
www.slu.se/jordbruksvatten. SLU, Institutionen för mark och miljö. 
Smith V.H., Tilman G.D., Nekola J.C. 1999. Eutrophication: impacts of excess nutrient inputs on 
freshwater, marine and terrestrial ecosystems. Environmental Pollution 100: 179–196. 
ter Braak, C. J. F. & Juggins, S. 1993. Weighted averaging partial least squares regression (WA-
PLS): an improved method for reconstructing environmental variables from species 
assemblages. Hydrobiologia 269/270: 485-502. 
Unsworth, J.B., Wauchope, R.D., Klein, A.W., Dorn, E., Zeeh, B., Yeh, S.M., Akerblom, M., 
Racke, K.D., Rubin, B. (1999) Significance of the Long Range Transport of Pesticides in the 
Atmosphere (Technical Report). Pure Applied Chemistry 71(7): 1359-1383. 
Von der Ohe, P., Goedkoop, W. 2013. Distinguishing the effects of habitat degradation and 
pesticide stress on benthic invertebrates using stressor-specific metrics. Science of the Total 
Environment 444: 480-490. 
Wendt-Rasch, L., Van den Brink, PJ., Crum, SJH., Woin, P. 2004. The effects of a pesticide 
mixture on aquatic ecosystems differing in trophic status: responses of the macrophyte 
Myriophyllum spicatum and the periphytic algal community. Ecotoxicology and 
Environmental Safety 57: 383-398. 
Widenfalk, A., Svensson, JM., Goedkoop, W. 2004. Effects of the pesticides captan, 
deltamethrin, isoproturon and pirimicarb on the microbial community of a freshwater 
sediment. Environmental Toxicology and Chemistry 23(8): 1920-1927. 
WWF, World Wide Fund for Nature. 2012. Living Planet Report 2012 – Biodiversity, biocapacity 
and better choices. ISBN 978-2-940443-37-6. 
Xing, Z., Chow, L., Rees, H., Meng, F., Li, S., Ernst, B., Benoy, G., Zha, T., Hewitt, M. 2013. 
Influences of sampling methodologies on pesticide-residue detection in stream water. 
Archives of Environmental Contamination Toxicology 64: 208-218. 
 
     42 
   
   43
Tackord 
Jag vill börja med att tacka mina handledare som gjort denna avhandling 
möjlig. Tack Willem för dessa år av stort tålamod, vägledning och massvis 
med idéer, du är en otrolig idéspruta! Ditt prefektskap till trots har du tagit dig 
tid att hjälpa mig ro detta i hamn, och din feedback och bollande av analyser 
och texter har varit oersättlig! Tack Jenny för tålamod, vägledning, stöd, alltid 
snabba svar på mina frågor och för all hjälp med färdigställandet av 
avhandlingen. Din entusiasm och ditt skratt smittar alltid av sig! 
Nästa tack går till all personal på institutionen som har hjälpt mig: Maria, 
tack för mycket värdefull hjälp med analyser av kiselalger. Lars S och 
Brendan, stort tack för hjälp med PLS-analyser. Micke, tack för lite allt-i-allo-
hjälp. Tack OMK-gänget som hjälpt mig med frågor och hantering av 
bekämpningsmedel. Ett speciellt tack till Märit, som hjälpt till att blanda 
bekämpningsmedelsmixar inför försök. Lars E, Magda-Lena och ni andra på 
bottenfaunalab, tack för all hjälp med artbestämning. Tack Hasse och Tommy 
för all praktisk hjälp genom åren, och Annika och Britta för all formalitets-
hjälp. Herman, tack för hjälp vid datastrul. Ett stort tack till David, Sofia, 
Annika, Kristina och Bernadette som hjälpt mig med labförsök. Även ett 
stort tack till Johanna för ett fint samarbete under fältstudierna! 
Anna,  Marcus,  Staffan,  Sonja,  Jenny,  Nina,  Daniel,  Simon,  Rasmus, 
Maria, Ina, Steffi, Atlasi, Karin J, Karin E, Emma, tack för gemensam tid 
och stöttande doktorander emellan, ni är så härliga allihop! Och tack till övriga 
”nyare” doktorander jag kommit i kontakt med också förstås! 
Mina goda vänner i Uppsala: Teddi, Wouter, Jenny och Joel, tack för den 
här tiden och för allt dessförinnan! Speciellt tack till förstnämnda för ständig 
sovplats under allt pendlande på senare tid! 
Sist men inte minst: Tack Anders för oändligt stöd, tack Lotta och Irma 
för att ni finns och tack mamma, pappa, Lisa och Maja för att ni alltid är där. 
Kärlek till er! 